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A B S T R A C T
Urban development and increased human activities impose major environmental stress on the receiving bodies
of water. Although urban rivers have been recognized as hotspots of regional nitrogen (N) pollution, detailed
measurements of river nutrient species in response to urbanization are rarely reported, so the impacts of urban
development on N cycling processes and transport to coast remains unclear. Here we investigated the changes in
N species (concentration, composition and isotope) and N functional genes between upstream and downstream
sections of several rivers affected by urban development in western Taiwan Strait under various flow conditions
(low, medium and high flow). Our results suggest that urban sewage (high ammonium) is the predominant
substrate that stimulated nitrification and subsequently denitrification and gaseous N removal (N2O, N2).
Nitrifying and denitrifying functional genes increased their abundance along the urban rivers. There were hy-
drological and meteorological controls on urban rivers regulating changes in nitrogen retention between sea-
sons. Overall, the enhanced microbe-driven N retention could not balance the increase of urban N loading.
Consequently, urbanization increased riverine N export and caused other changes in nutrient supply such as
changing the nutrient ratio (N:P:Si ratio), increasing the potential for eutrophication both in the river and in
receiving coastal ecosystems.
1. Introduction
Global human population and urban development are increasing
and as a result impose major environmental stress on the receiving
bodies of water (Duha et al., 2008). Dense urban areas produce large
amounts of nutrient pollution, which are often discharged into local
rivers. These polluted rivers transport nutrient enriched waters which
ultimately can cause eutrophication, harmful algal blooms (HABs),
hypoxia and other ecological problems in downstream, in estuaries and
ultimately in the adjacent coastal areas (Chen and Hong, 2012; Paerl
et al., 2016). By 2030, more than 60% of the global population will be
living in urban areas (Duh et al., 2008; FAO, 2018). The urbanization
rate in China has increased from 52.6% to 58.5% since 2014 (Li, 2018).
Urban areas in China have experienced rapid land use change (Seto and
Fragkias, 2005), and economic activities and vulnerable ecosystems
often converge in coastal areas (de Andres et al., 2017). Continuing
urbanization in coastal regions has increased anthropogenic emissions
of reactive nitrogen (N) (Xian et al., 2019) and changed N retention
capacity which is the rate of nitrogen cycled among aquatic biota,
benthic sediments and water column (Dalu et al., 2019; Marce et al.,
2018). A better understanding of the relationships between coastal
urbanization and ecosystem is vital to develop mitigation strategies to
achieve environmental sustainability.
Urban waste discharge affects nitrogen biogeochemical cycles
(Grimm et al., 2008). In Shanghai, China, a long-term (1952–2004)
impact of urbanization on N inputs was mainly attributed to fossil fuel
combustion, Haber-Bosch N fixation and food/feed import (Gu et al.,
2012). Mass fluxes and δ15N signatures revealed that sewage was the
predominant nutrient source in the Haihe catchment that includes the
megacity of Beijing (Pernet-Coudrier et al., 2012). Understanding of the
relationship with water quality indicators correlated with the increase
in urban population and per capita waste production is critical to urban
planning and management (Ding et al., 2016; Hobbie et al., 2017;
Panthi et al., 2017). Urban rivers have been recognized as hotspots of
regional N pollution (Zhang et al., 2017; Zhang et al., 2015). A sce-
nario-based modeling study in the UK indicated that climate change
(rainfall depth and intensity) combined with increasing urbanization is
likely to worsen river water quality (dissolved oxygen and ammonium
concentrations) (Astaraie-Imani et al., 2012). The interactions between
urbanization and variations of environmental quality has been
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identified (Duha et al., 2008). However, detailed measurements of river
nutrient species in response to urbanization are rarely reported, and the
impacts of urban development on N cycling, retention and transport to
coast remains unclear.
Here we studied the impact of urbanization on N biogeochemical
processes and seaward export of N in four urban rivers of different sizes,
all located in the western coast of the Taiwan Strait (Southeast China),
by conducting comprehensive measurements under different flow
conditions in 2017–2018. The specific objectives of the study were: (1)
to investigate the changes in river N species (concentration, composi-
tion and isotope) and N functional genes passing through urban areas;
(2) to examine how urbanization impacts the strength of nitrification
and denitrification; and (3) to reveal the hydrological and meteor-
ological controls on urban rivers regulating N retention and seaward
export.
2. Materials and methods
2.1. Study area
Four urban rivers of different sizes, all located along the western
coast of the Taiwan Strait, were selected for this study (Fig. 1). The
section of the river chosen for detailed study was generally a short
reach as it passed through an urban area which was relatively close to
the discharge of the river to the coast. At present, three wastewater
treatment plants (WWTPs) operated in Zhangzhou City of the Jiulong
River and most of urban sewage is secondary treated. Other rivers
without WWTPs received raw sewage. Summary statistics for river
length, drainage area and land use are presented in Table 1. The region
has a subtropical monsoon climate with strong seasonal variation in
rainfall and temperature. About 70% of precipitation occurs from May
to September, and flow condition (discharge) varies with rainfall over
the season (Fig. 1S). In the study period (2017–2018) the low flow
period (LF) was from October to December and the average air tem-
perature was 19.3 ± 4.8 °C, the medium flow period (MF) was from
January to May and the average air temperature was 18.0 ± 5.7 °C,
and the high flow period (HF) was from June to September and the
average air temperature was 27.5 ± 2.0 °C.
2.2. Sampling campaign
We conducted three samplings on 28 October 2017 (LF), 5 May
2018 (MF) and 28 July 2018 (HF). For each river we chose an upstream
(US) and downstream (DS) site in the middle of bridges near to the city.
Surface water (0.5 m depth) was collected by a 5 L plexiglass sampler.
Dissolved oxygen (DO), water temperature and pH were measured in
Fig. 1. Map of selected sections of urban rivers along the western coast of the Taiwan Strait, showing paired sampling sites (upstream versus downstream) for the
urban area with various land uses. All rivers flow from west to east.
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the field using a WTW multi-parameter portable meter (Multi 3430,
Germany).
Water for dissolved gases analysis were introduced into 12mL (N2)
Labco bottles, 60mL (N2O) and 120mL (N2O isotope) brown glass
bottles through a silicone tube. After about 3+ volumes of water had
overflowed from the bottle, a final concentration of 0.1% of HgCl2 was
added to stop microbial activity. The bottles were immediately capped
without air space.
All water samples were stored in a cooler and delivered to the lab
within hours for filtration and analysis. About 200mL of water samples
were filtered by a GF/F membrane and analyzed for nutrient con-
centrations and isotopic compositions. About 1 L of water samples for
analysis of gene abundance were filtered by a 20 μm bluteau before
filtration by a 0.22 μm Isopore TM Membrane (47mm, Millipore, USA).
The filters were stored at −80℃ in a freezer until DNA extraction was
carried out.
2.3. Chemical analysis
Filters (GF/F) were frozen at −20 °C before analysis of total sus-
pended particulates (TSM). All TSM weights were determined as the
differences between the unfiltered and filtered GF/F membranes after
oven-drying (105 °C) to constant weights. Filtrate was analyzed for
dissolved nutrient concentrations by segmented flow automated col-
orimetry (San++ analyzer, Germany). Nutrients species determined
were ammonium (NH4+-N), nitrite (NO3−-N), nitrate (NO2−-N), dis-
solved reactive phosphorus (DRP) and dissolved silica (DSi). TDN was
determined as NO3−-N following oxidization with 4% alkaline po-
tassium persulfate. Dissolved inorganic N (DIN) was calculated as the
sum of NH4+-N, NO3−-N and NO2−-N. Dissolved organic N (DON) was
calculated by subtracting DIN from TDN. The precision for the nutrient
components was estimated by repeated determination of 10% of the
samples and the relative error was 2–5%.
Concentration of dissolved N2 was measured by a membrane inlet
mass spectrometry (MIMS) using the N2:Ar ratio method (Chen et al.,
2014b). Concentration of dissolved N2O was measured by Gas Chro-
matograph (Agilent 7890A, US). Isotopic composition of nitrogen and
oxygen (δ15N and δ18O) in nitrate was determined by a denitrifier
method (Casciotti et al., 2002; Sigman et al., 2001), in which nitrate
was reduced to N2O by denitrifying bacteria that lack N2O-reductase
activity, and isotopic compositions were measured by Isotope Ratio
Mass Spectrometer (IRMS, Isoprime 100, UK). δ15N and δ18O analysis of
dissolved N2O was carried out using a trace gas preparation unit
(Precon, Finnigan, Germany) coupled to IRMS (Delta V, Finnigan,
Germany). Site-preference (SP), the site-specific distribution of 15N-
N2O, was calculated as the difference of δ15Nα and δ15Nβ (Toyoda and
Yoshida, 1999). SP can be used to distinguish the source of N2O from
nitrification and incomplete denitrification (Decock and Six, 2013).
Isotope analysis was only carried out in the LF and MF periods.
2.4. Molecular analysis
DNA extraction from the filter (Isopore™) was performed by
FastDNA™ Spin Kit for Soil (Millipore, USA), suspended in 80 μL TE
solution and stored at −80 °C until analysis. Concentration and purity
of the DNA was quantified by the Nano Drop spectrophotometer (DN-
1000; Isogen Life Science, the Netherlands).
The Arch-amoAF and Arch-amoAR primers targeted amoA (AOA)
gene with 634 base pairs (bp) (Francis et al., 2005). amoA (AOB)
(491 bp) was quantified using amoA2F and amoA2R primers
(Rotthauwe et al., 1997). The nitrite-oxidizing bacteria nxrA primers
(F1370 F1/F2843 R2) allows amplification of a 323-bp fragment (Wertz
et al., 2008). The narG primers (1960m2f/2050m2r) were designed to
amplify a 109 bp narG fragment from nitrate-reducing bacteria (Lopez-
Gutierrez et al., 2004). The nirS primers (cd3Af/R3cd) were designed to
extract a 411 bp fragment (Throback et al., 2004).
All N functional gene abundances were quantified by a Bio-Rad
CFX96 qPCR in triplicates with three negative controls (no DNA tem-
plate) and five standards. Each sample received 10 μL of Hieff™ SYBR
Master Mix (Yeasen, China), 0.4*2 μL of primer, 1 μL of template DNA
and 8.2 μL of ddH2O.
2.5. Data analysis and statistics
Net denitrification product (excess N2, or △N2) was calculated by
equation (1); see more details in our previous study (Chen et al.,
2014b).
= ∗ −Excess N [N :Ar] [Ar] [N ]2 2 measured expected 2 expected (1)
where [N2:Ar]measured is the measured concentration (µmol L-1) ratio of
N2:Ar, calibrated using five air-equilibrated water standards;
[Ar]expected and [N2] expected are the concentrations when the water is in
equilibrium with the atmosphere (Weiss, 1970).
In order to distinguish the source of N2O, the contribution of ni-
trification (fN) and denitrification (fD) to the total N2O (N2Ototal) was
calculated by equation (2) (Decock and Six, 2013).
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where SPD and SPN are the SP values observed for N2OD (denitrifica-
tion) and N2ON (nitrification) in pure cultures; SPtotal is the SP values
measured for N2Ototal in the environmental sample; f is the fraction of
remaining substrate. SPN (32.8 ± 4.0‰) and SPD (−1.6 ± 3.8‰) are
microbial cultures and reactions with pure cultures.
Stable isotope analysis based on the SIAR model (Eq. (3)) was
performed using R statistical software (Parnell et al., 2010) to estimate
proportional contributions of four nitrate N sources, i.e. atmospheric
deposition (AD), manure and sewage (M&S), soil organic N (NS) and
fertilizer N (FN). δ15N-NO3− and δ18O-NO3− of each source were
adapted from a previous study around the study area (Zhang et al.,
2018).
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where Xij is the isotope value j of the mixture i (i=1, 2, 3, …, N and
Table 1
Characteristics of selected parts of the urban rivers and land uses in the drainage area.
River (abbreviation) Name of city River reach (km) Drainage (km2) Discharge (108 m3) Built-up (%) Water (%) Forest land (%) Arable land (%) Barren land (%)
Ao River (AR) Lianjiang 11.2 45.09 8.17 19.2 2.6 69.7 7.2 1.1
Mulan River (MLR) Putian 26.3 53.59 34.8 19.1 1.9 76.7 3.9 2.1
Jiulong River (JLR) Zhangzhou 14.0 420.58 45.5 43.2 2.8 28.4 31.0 3.5
Zhang River (ZR) Yunxiao 4.0 24.93 1.01 30.0 3.7 58.0 5.5 2.5
Note: Data is for urban river reach between paired sampling sties (refer to Fig. 1).
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j=1, 2, 3,…, J); Sjk is the source value k based on isotope j (k=1, 2, 3,
…, K); μjk is mean value; ωjk2 is standard deviation; pk is the proportion
of source k; cjk is the fractionation factor for isotope j on source k; λjk is
the mean distributed value; τjk is standard deviation; and εij is the re-
sidual error (mean value 0 and standard deviation σj).
Apparent N retention within the urban river reach, AR (%) of each
species was defined as the percentage difference of concentration at the
downstream site (CDS) from the upstream site (CUS) (Eq. (4)).
Urbanization increases or decreases riverine N fluxes to coastal water
when the AR value is positive or negative, respectively.
= − ×AR C C C(%) ( )/ 100DS US US (4)
Correlation analysis and ANOVA (p < 0.05) was performed using
SPSS 18.0 software. Redundancy analysis (RDA) was performed using R
software to examine the possible associations between environmental
factors and N functional genes in different river sites.
3. Results
3.1. Changes in physicochemistry and nitrogen species from upstream to
downstream
Water temperatures, DO, pH and TSM varied from the upstream site
(US) to downstream site (DS) under low flow (LF), medium flow (MF)
and high flow (HF) conditions (Table 2). Water temperature changed
little from US to DS but it was warmer in HF (32.5 °C) than LF (23.7 °C)
and MF (26.9 °C). Average DO decreased by 15% ± 15% from US to
DS, except JLR and ZR in MF (DO increased 49% and 61%, respec-
tively). pH at DS was 4% ± 4% higher than US except ZR in HF (de-
creased 7%). TSM increased from US (44.3 ± 78.6 mg L-1) to DS
(121.4 ± 229.3 mg L−1), especially in LF and MF (increased 163% and
135%, respectively).
Nutrient concentrations and fractions also changed through the
urban areas (Table 2, Fig. 2). Average NH4+-N and the fraction of TDN
at DS (41.4 μmol L−1 and 16%) were much higher than US
(28.8 μmol L−1 and 10%), including an extreme case where the LF
fraction increased by a factor of 13.4 (p < 0.05). Average NO3−-N and
the fraction at DS (147.2 μmol L−1 and 72%) were lower than US
(165.2 μmol L−1 and 74%), except JLR (HF) where an increase of 55%
was observed. Average NO2−-N and fraction increased from US to DS.
Overall, average DIN, DON and DTN concentrations at DS were higher
than US. ARDRP, ARDOP and ARDTP were 36%, 1% and 12%, respec-
tively. The DRP fraction of TDP at DS sites increased 59%, while the
DOP fraction decreased 9% compared with US. DSi was relatively stable
across the two sites (Table 2).
The DIN:DRP:DSi ratios show that all measurements fell in the P-
limited range (Fig. 3). The DIN:DRP ratio decreased from US (153:1) to
DS (139:1), except in HF (Fig. 3a), and the average DSi:DIN ratio de-
creased from US (1.89:1) to DS (1.70:1), due to relatively more DIN
addition (Fig. 3b).
Dissolved N2 and N2O also changed between US and DS (Fig. 4). In
most cases ΔN2 increased from US (15.56 ± 11.35 μmol L−1) to DS
(16.82 ± 6.53 μmol L−1), and the largest ARN2 (42%) was found in LF
(Table 3). ARN O2 was 51% (LF), 38% (MF), and 16% (HF), and its
concentration peaked in LF (Table 3, Fig. 4b). The average ratio of
ΔN2O to ΔN2 was slightly higher at DS sites (3.01‰ ± 1.82‰) than
US (2.60‰ ± 1.44‰), except the negative ARN O N/2 2 in HF (Table 3,
Fig. 4c). The intramolecular distribution of 15N-N2O showed that the SP
value decreased from US (25.47 ± 5.68) to DS (21.23 ± 3.77)
(Fig. 4d). The fraction of nitrification-derived N2O (fN) was lower at DS
under MF condition (Fig. 4e), while there was no significant difference
under LF conditions.
Dual isotope composition and SIAR model outputs showed that the
main sources of nitrate in urban rivers were sewage (M&S), followed by
soil organic N (NS) and fertilizer (NF) (Fig. 5). Total contribution of M&
S to the nitrate pool increased from 50% (mode) at US to 60% (mode) at Ta
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DS, although they varied between seasons (Table 4). In particular, the
proportion of M&S was elevated even higher in MF than LF, whereas NS
and NF contributed more in the high flow period (Table 4).
3.2. Abundance of nitrifying and denitrifying functional genes
The functional genes of nitrification (amoA and nxrA) and deni-
trification (narG and nirS) increased from US to DS, while a statistical
difference was only observed for nxrA and narG in MF (Fig. 6). The
abundance ratio of AOB to AOA was always greater than 1.0 but varied
with flow conditions. The highest abundance was observed in MF. The
average gene abundance was ordered as nirS (2.6× 105 copies
mL−1) > nxrA (1.9× 104 copies mL−1) > narG (7.0× 103 copies
mL−1) > AOB amoA (4.0× 103 copies mL−1) > AOA amoA
(7.2× 102 copies mL−1), although it is difficult to directly assess the
active role they played in N processes.
3.3. Relationships between environmental factors and nitrogen genes and
retention
Internal relationships between environmental factors showed in the
correlation heat map (Fig. 7). NH4+-N had a positive correlation with
NO2−-N (r= 0.75, p < 0.01) and ΔN2 (r= 0.69, p < 0.01), and
NO3−-N and ΔN2O were well correlated (r= 0.5, p < 0.05). NO2−-N
had a better relationship with ΔN2 (r= 0.82, p < 0.01) than with
ΔN2O (r= 0.61, p < 0.01).
Redundancy analysis (RDA) was used to further examine possible
associations between environmental factors and N functional gene
abundance (Fig. 8). All the measured physicochemical parameters ex-
plained 75% of the variation in the five N functional genes among sites
and over seasons. amoA of AOA and AOB was positively related with
TSM, NH4+-N and NO2−-N, but negatively related with pH. narG and
nxrA had a positive relationship with TSM, NH4+-N, NO2−-N and ΔN2,
Fig. 2. Nutrient concentrations at downstream site (y-axis) against upstream site (x-axis) of four urban rivers under various flow conditions.
Fig. 3. Change in the DIN:DRP ratio and DIN:DSi ratio between upstream and downstream sites and among flow conditions. Column with error bar shows average
and one standard deviation. Dashed lines indicate the Redfield molar ratio (DIN:DRP:DSi= 16:1:20).
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but no relationship with NO3−-N was found (p > 0.05). nirS was
highly correlated with TSM, ΔN2 and NO2−-N (p < 0.05).
Correlations between apparent N retention within the urban river
(AR, %) and land use in the drainage area (% of total area for each use,
determined by satellite imagery) were explored. Most AR of N species
had a weak relationship with land uses (data not shown), but ARN2 had
a strong negative correlation with built-up area in both LF (r=−0.96,
p < 0.05) and MF (r=−0.93, p > 0.05) (Fig. 9).
4. Discussion
4.1. Urbanization increased nitrification and denitrification
A comparison of nitrogen concentration between US and DS sug-
gests that the urban rivers received external NH4+-N loading as they
passed through the urban area (Fig. 2). On average, NH4+-N con-
centration and its fraction of TDN increased from US to DS while nitrate
decreased (Table 2), indicating relatively more NH4+-N input to rivers
passing through urban areas. For each river, it received both raw
sewage and effluent of WWTPs. The secondary effluent is characterized
by high total N and low organic mater, with higher percentage of am-
monium and nitrate (Simsek et al., 2012). Nitrate isotope signatures
confirmed that sewage (M&S) was the dominant N source (Fig. 5), and
its contribution increased from 50% at US sites to 60% at DS sites
(Table 4). Not surprisingly, urban areas markedly increased ammonium
loading to rivers.
The fate of ammonium N entering the fluvial system starts with
nitrification. NH4+-N can be oxidized to nitrite by AOA and AOB and
then to nitrate by the bacteria nxrA; nitrite can also be transformed to
N2O by NOB. AOB appears to play the primary role in ammonium
oxidization, as its gene abundance (amoA) was far higher than AOA
(Fig. 6). Unlike AOB, AOA might become important in low-nutrient,
low-pH, and sulfide-containing environments (Erguder et al., 2009).
Nitrite was found to have accumulated in these urban rivers (Fig. 2c),
Fig. 4. The concentrations and ratio of ΔN2, ΔN2O and SP of N2O at downstream site against upstream site. Site-preference (SP) was the site-specific distribution of
15N-N2O by calculated the difference of δ15Nα and δ15Nβ. fN means the fraction of nitrification-derived N2O, and fD the fraction of denitrification-derived N2O.
Table 3
The apparent retention (%) (mean ± SD) of ΔN2, ΔN2O and ΔN2O/ΔN2.
Apparent Retention Low flow Middle flow High flow
ARN2 42 ± 32 −8 ± 31 211 ± 278
ARN O2 51 ± 32 38 ± 112 16 ± 50
ARN O N2 / 2 13 ± 45 40 ± 88 −11 ± 106
Upstream site
Downstream site
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100
Source
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)
AD M&S NS NF
50
60
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32
11
7
Fig. 5. The relative contribution of nitrate sources, i.e. atmospheric deposition
(AD), manure and sewage (M&S), soil organic N (NS) and fertilizer N (NF). Box
color from light to dark demarcates the 5th, 25th, 50th, 75th and 95th per-
centiles of probability.
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likely due to the greater microbial ammonia oxidation rate than nitrite
oxidation rate (Hong et al., 2018). The functional gene amoA (AOA,
AOB) and nxrA (NOB), and the nitrite-oxidizing bacteria nxrA generally
increased from US to DS sites (Fig. 6), implying that urban rivers po-
tentially enhanced nitrification. Average DO decreased by 15% from US
to DS (Table 2), as expected due to nitrification-associated oxygen
consumption.
River nitrate can be reduced to N2O (a potent greenhouse gas) and
N2 via denitrification under anoxic condition (e.g. sediment-water in-
terface, ground water and micro-environments in turbid water)
(Beaulieu et al., 2011; Jahangir et al., 2013; Mulholland et al., 2008). A
large number of studies suggest significant nitrate removal in river
networks via denitrification (Chen et al., 2014a; Pina-Ochoa and
Alvarez-Cobelas, 2006). In most cases, decreases in nitrate concentra-
tion and increases in △N2O and △N2 were found at DS sites compared
with US were observed (Fig. 2, Fig. 4). Apart from nitrification, N2O can
also be produced by nitrifier denitrification (Zhu et al., 2013). The in-
creased ratio of ΔN2O to ΔN2 and decreased SP value of N2O isotope
(Fig. 4) suggest that more N2O originated from denitrification in the
downstream reaches of urban rivers, despite nitrification dominating
N2O production (Fig. 4e). As denitrifiers, the nitrate-reducing gene
(narG) and nitrite-reducing gene (nirS) were more abundant at DS sites
than US (Fig. 6). These results suggest that microbe-driven deni-
trification in urban rivers increased nitrate removal and greenhouse
gases (N2O) emission.
Here we further examine the major environmental factors control-
ling nitrification and denitrification in urban rivers. As shown in the
correlation heat map (Fig. 7), there were statistically significant
relationships between NH4+-N and NO2−-N, NO3−-N and ΔN2O, and
NO2−-N and ΔN2 (p < 0.05). The relationships, to some extent, reflect
the importance of ammonium as a substrate in nitrification. Increased
sewage ammonium loading to urban rivers should have stimulated ni-
trification. RDA shows that amoA (AOA and AOB), nxrA, narG and nirS
were positively related with TSM (p < 0.05). In other words, TSM
increased from US through DS and more suspended particles act as
substrates for microorganisms (nitrifier and denitrifier) that facilitated
nitrification and denitrification. In summary, urbanization increased
nitrification and denitrification and gaseous N removal, but the strength
varied with rivers and over seasons (see more discussion below).
4.2. Hydrological and meteorological controls on urban rivers regulating
nitrogen retention and seaward export
Nitrogen levels in urban rivers are highly dynamic due to the
combination of point source (e.g., sewage, wastewater treatment plant
effluent) and non-point source pollution. Nitrogen loading was ex-
pected to increase with rainfall and urban runoff. Average NH4+-N
concentration and its fraction of TDN were highest in MF both at US
and DS sites. The first flush of land-based pollutants by surface runoff
could explain this pattern (Mo et al., 2016). In contrast, the highest
NO3−-N was observed in LF, followed by MF and HF, as it mainly
originated from ground water (baseflow) and can be diluted by in-
creasing discharge (Gao et al., 2018). The contribution of NS (soil or-
ganic N) and NF (fertilizer N) to river N was greater in MF than LF
(Table 4), suggesting hydrological controls on N loading to urban
rivers.
Table 4
Proportional contribution (mean) of four potential nitrate sources in urban rivers estimated using SIAR mixing model.
Source Low flow Middle flow Total
Upstream site Downstream site Upstream site Downstream site Upstream site Downstream site
AD (%) 0.9 0.9 0.7 4.6 0.3 0.8
M&S (%) 43.2 46.2 39.6 47.8 50.2 59.9
NS (%) 28.3 28.2 33.6 33.7 35.6 31.9
NF (%) 6.2 5.7 25.1 15.0 10.5 7
Note: AD (atmospheric deposition), M&S (manure and sewage), NS (soil organic N) and NF (fertilizer N).
Fig. 6. Abundances of nitrifying and denitrifying functional genes in urban rivers. The number within panel c indicates the gene abundance ratio of AOB to AOA.
Significant difference between upstream site and downstream site (*p < 0.05. **p < 0.01). Points indicate outlier and × is mean value.
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Biogeochemical cycling (within channel nitrification and deni-
trification) in urban rivers can be controlled by seasonal meteorological
conditions since the growth and activity of microorganisms are sensi-
tive to temperature (Sarker et al., 2013; Zheng et al., 2017). In this
study, the abundance of nitrifying and denitrifying functional genes
were mostly higher in MF than in LF and HF (Fig. 6). Optimum tem-
perature (26.9 °C) and high substrate (rich in ammonium) in May 2018
(MF) resulted in stronger nitrification and ammonium removal. As low
temperature and high flow (short water residence time) may have re-
strained nitrification (lower retention), ammonium increased more
from US to DS in LF and HF periods compared with MF (Table 2).
Denitrification converts nitrate to gaseous N (e.g., N2O, N2) and
therefore reduces the eutrophication problem. Although average nitrate
concentration and fraction of TDN reduced much more from US to DS in
MF compared with LF and HF, there was no consistent seasonal pattern
of ΔN2O and ΔN2 (Fig. 4). The influence of temperature on
Fig. 7. Correlation heat map of environmental factors based on R software. The numbers show r value of correlation between groups. Blue shapes indicate a positive
relationship and red indicates a negative relationship.
Fig. 8. Euclidean based redundancy analysis (RDA) of nitrogen functional
genes and environmental factors. Outline symbols indicate upstream sites and
solid symbols indicate downstream sites.
Fig. 9. Relationship between the apparent retention of N2 from upstream to
downstream site of urban rivers and the percentage of built-up area. High flow
period measurements not shown as there was no relationship.
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denitrification and N retention seems to vary widely between river
systems. Low temperature and high flow may reduce denitrification as
the lowest ΔN2 was observed in LF and HF (Fig. 4). A previous study
found that warming increased denitrification disproportionately due to
altered oxygen dynamics (Veraart et al., 2011). In addition, seasonal
changes in pH, TSM and other factors may also affect N functional
genes and logically affect associated biological processes (Fig. 8). Pro-
liferation of water hyacinth (Eichhornia crassipes) with large biological
uptake in warm season, for example in the Zhang River (ZR) in MF
period (Fig. S2), can also contribute to temporal retention of inorganic
N forms (Fig. 2).
On average, retention of DIN and TDN in urban rivers was among
highest under favorable conditions (MF) (Table 2). Nevertheless, river
retention is limited given that DIN and TDN increased in most cases
from US to DS. Furthermore, ARN2 was negatively correlated with
percentage of built-up area (Fig. 9), indicating that urban development
will lower river N retention capacity. The relationships between urban
watershed land use and water quality is complex (Carey et al., 2013),
but current results suggest that increased nitrification and denitrifica-
tion in urban rivers could not balance the large increase in urban N
loading. In addition, the decreased DIN:DRP ratio and DIN:DSi ratio
(because P increased even more quickly than N, Si changed little) in
rivers passing through urban areas (Fig. 3) might reduce P limitation in
aquatic ecosystems and favor HABs. In summary, urbanization in-
creased anthropogenic N loading and seaward export with changing
nutrient stoichiometry, which will likely exacerbate eutrophication in
Chinese coastal waters.
5. Conclusions
Urban cities markedly increased N loading to rivers. The spatial
pattern of N species (US versus DS) and isotope features revealed that
urban sewage was the predominant source, although the contribution of
non-point source pollution (soil N, fertilizer N) also increased in the
high flow period. Ammonium N increased from US to DS with excep-
tions in some cases (e.g., large biological uptake). In contrast, nitrate
mostly decreased along the urban rivers, and this was associated with
increasing production of greenhouse gas N2O and N2 (end products of
denitrification). Abundance of nitrifying and denitrifying functional
genes and TSM increased in urban rivers and they are well correlated.
Urbanization increased nitrification and denitrification and gaseous N
removal.
Our results examined the hydrological and meteorological controls
on urban rivers regulating N retention. Optimum temperature for ni-
trifiers and enrichment of ammonium (substrate) by surface runoff in
MF might enhance nitrification. Marked nitrate removal occurred al-
though many other factors can influence denitrification. Low tem-
perature and high flow (short water residence time) likely reduced ni-
trification and denitrification. Urban development (larger built-up area)
might lower river N retention (ARN2).
The increase in N retention by enhanced nitrification and deni-
trification in urban rivers could not balance the increase in anthro-
pogenic N loading. The overall decreased DIN:DRP ratio and DIN:DSi
ratio changed the nutrient supply to downstream aquatic ecosystems.
Consequently, urbanization increased river N export and likely in-
creased the potential for eutrophication.
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